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Abstract Tradable biodiversity credit systems pro-
vide flexible means to resolve conflicts between
development and conservation land-use options for
habitats occupied by threatened or endangered species.
We describe an approach to incorporate the influence
of habitat fragmentation into the conservation value of
tradable credits. Habitat fragmentation decreases gene
flow, increases rates of genetic drift and inbreeding,
and increases probabilities of patch extinction. Impor-
tantly, tradable credit systems will change the level of
fragmentation over time for small and/or declining
populations. We apply landscape equivalency analysis
(LEA), a generalizable, landscape-scale accounting
system that assigns conservation value to habitat
patches based on patch contributions to abundance
and genetic variance at landscape scales. By evaluating
habitat trades using two models that vary the relation-
ship between dispersal behaviors and landscape pat-
terns, we show that LEA provides a novel method for
limiting access to habitat at the landscape-scale,
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recognizing that the appropriate amount of migration
needed to supplement patch recruitment and to offset
drift and inbreeding will vary as landscape pattern
changes over time. We also found that decisions based
on probabilities of persistence alone would ignore
changes in migration, genetic drift, and patch extinc-
tion that result from habitat trades. The general
principle of LEA is that habitat patches traded should
make at least equivalent contributions to rates of
recruitment and migration estimated at a landscape
scale. Traditional approaches for assessing the “take”
and “jeopardy” standards under the Endangered
Species Act based on changes in abundance and
probability of persistence may be inadequate to
prevent trades that increase fragmentation.
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Introduction

Land use change is predicted to be the biggest threat to
biodiversity in the coming century (Sala et al. 2000).
General principles to predict changes in species
occurrence due to land use change remain elusive
(Fahrig 2003). Empirical evidence indicates that
both species- and landscape-specific attributes are
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important (MacNally et al. 2000; Lindenmayer et al.
2008), which may be indicative of the influence
landscape history, or the timing of land use change,
has on species occurrence (Schrott et al. 2005). The
study of effects of land use change on biodiversity has
been dominated by literature evaluating the effects of
habitat loss and fragmentation (Haila 2002). This
work has generated much debate regarding the
relative influence on species occurrence of the loss
of habitat area versus the breaking apart, or fragmen-
tation, of habitat (Fahrig 2003; Lindenmayer and
Fischer 2007). The debate results from the inability of
most studies to separate the effects of habitat loss
versus fragmentation on biological mechanisms (Fah-
rig 2003; Lindenmayer and Fischer 2007). For
example, loss of habitat area will have a direct effect
on rates of recruitment while an increase in degree of
fragmentation will have a direct effect on rates of
migration. There is also potential for indirect effects,
such as the dependence of migration rates on rates of
recruitment (Bruggeman and Jones 2008). Identifying
which biological mechanisms have been altered by
which component of land use change is a critical step
in devising mitigation strategies (Lindenmayer and
Fischer 2007).

Methods are needed to devise the appropriate mix
of increased habitat area and connectivity for species
threatened by land use change. However, these
mitigation strategies must recognize the political
realities of decision making. Economic incentives
for biodiversity (e.g., tradable credit systems; Bayon
2002) represent politically realistic approaches for
mitigating the effects of land use change. Tradable
credit systems such as conservation banking for
endangered species in the U.S. (USFWS 2003a)
require practitioners to offset the loss of specific
habitat patches with the protection or restoration of
habitat elsewhere within the landscape. The funda-
mental issue is the ecological equivalency of habitats
traded. Habitat patches traded must make equivalent
contributions to rates of recruitment and migration to
prevent trades from reducing population viability at a
landscape scale (Bruggeman et al. 2005).

Tradable credit systems rely heavily on the appli-
cation of sustainability criteria to ration access to
public goods and services (Tietenberg 2004). Tieten-
berg (2004) outlines two critical steps for setting up a
tradable credit system: 1) setting a limit on user access
to resource (e.g., Total Allowable Catch in fisheries
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and Total Emissions Allowed for air quality), and 2)
allocating access rights to resource users as long as
limits are not violated. The ESA functions to set limits
on user access to habitat by requiring that a “take”
(harming, harassing, or killing individuals) be miti-
gated to the maximum extent possible while not
jeopardizing species’ survival and recovery (Stanford
Environmnental Law Society 2001).

We question whether typical application of these
“take” and “jeopardy” standards have utilized ade-
quate measures of ecological quality to ensure equiv-
alent habitats are traded, especially for spatially
subdivided populations. Subdivided populations often
require migration and variance in rates of recruitment
among population units to be persistent at a landscape-
scale (Hanski and Gaggiotti 2004). If one evaluates a
“take standard” based on changes in abundance (Fox
and Nino-Murcia 2005), then even if habitat patches
traded are occupied in equal abundance, populations
inhabiting these patches may differ in recruitment,
survival, or in their ability to facilitate the exchange of
individuals across the landscape (Van Horne 1983;
Pulliam 1988). Thus, in addition to abundance, many
other factors that contribute to regional population
sustainability should be evaluated.

Population viability analysis (PVA) is the recom-
mended approach for determining if habitat trades
violate the “jeopardy standard” (USFWS 2003a).
Demographic parameters can be incorporated into
PVA assessment to estimate probabilities of extinc-
tion under alternative management scenarios (Brook
et al. 2000). Individual-based, spatially-explicit pop-
ulation models (IB-SEPMs) are often used in PVA to
predict the effects of habitat loss and fragmentation
because they explicitly simulate interactions between
a species’ life history traits and physical attributes of
landscapes and how these attributes change over time
(Grimm et al. 2005). Bruggeman and Jones (2008)
recommended using IB-SEPMs to determine if habitat
patches traded make equivalent contributions to
minimizing extinction risk. Importantly, findings
indicated that even if no change in probability of
total population extinction results from a trade, rates
of local extinction within a landscape may change for
habitat patches that are not involved in trading.

Landscape change can have multiple effects on
populations (Haila 2002). For example under habitat
trading policies, rates of recruitment and migration
will change concurrently as habitat area and
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connectivity changes over time. Therefore, Brugg-
eman et al. (2005) proposed the integration of
economic and population genetic theory to determine
the appropriate limit on access to habitat at a
landscape-scale. Population genetic studies have
shown that spatially subdivided populations benefit
from migration rates that are high enough to episod-
ically contribute to recruitment, thereby lowering
rates of loss of genetic diversity and rates of
inbreeding accrual, but low enough to maintain
genetic differences among breeding groups to provide
opportunities for adaptive evolution (Mills and Al-
lendorf 1996; Wang 2004). However, the appropriate
amount of migration required to offset genetic drift
and inbreeding will vary based on an organism’s
natural history and the degree of habitat loss and
fragmentation at the landscape level (Lindenmayer
and Lacy 1995; Daniels et al. 2000).

We devised Landscape Equivalency Analysis
(LEA) as a method for ensuring that rates of
recruitment and migration across the landscape, at a
minimum, do not decrease after habitat patches are
traded (Bruggeman et al. 2005). This is accomplished
under the ESA by supplementing take and jeopardy
standards that were traditionally evaluated based on
expected changes in abundance and extinction risk,
with expected changes in average genetic variance
within and among breeding groups (Nei 1973).
Conservation value is then determined by comparing
predicted temporal changes in abundance and genetic
variance expected with and without mitigation with a
“baseline” landscape, which represents a spatial
apportionment of habitat that minimizes inbreeding,
genetic drift, and local extinction, while minimizing
loss of genetic variance within and accrual between
patches. Habitat trades that lead to rates of recruit-
ment and migration that more closely reflect levels
observed in a baseline landscape, can potentially
increase the number of tradable credits available.

The objective of this paper is to provide an
example of how LEA can be integrated with an IB-
SEPM to reflect changes in migration, genetic drift,
and local extinction that result from trades for a
species of conservation concern. First, we provide a
brief overview of LEA (Bruggeman et al. 2005) and
describe two habitat trading scenarios. Then we
briefly describe an IB-SEPM for the Red-cockaded
Woodpecker (RCW, Picoides borealis), which we
use as a case-study species. Results from LEA are

contrasted with estimates for probability of persis-
tence, which is more commonly used. Importantly,
we show that the integration of population genetic
and natural resource economic theory provided by
LEA yields a more thorough assessment of patch
conservation value than is possible through estimates
of probability of persistence alone.

Methods
Landscape equivalency analysis

LEA is an extension of resource-based compensation
applied to a landscape-scale. Resource-based com-
pensation determines the amount of restoration
required to equate an individual’s well-being before
loss of an ecological resource with their well-being
after that loss (Jones and Pease 1997). A “service-to-
service” approach is used wherein adequate compen-
sation is made to the public if the habitats restored
provide equivalent types and levels of ecological
services as the habitats lost. Ecological functions can
be treated as goods and services when a direct or
indirect benefit to humans can be demonstrated
(deGroot et al. 2002). In this analysis we assume
that the ecological services that provide these benefits
are abundance and genetic variance (Loomis and
White 1996; Bruggeman et al. 2005). LEA estimates
the equivalency of habitat patches traded in a
fragmented landscape based on changes in three
ecological services, (1) abundance and genetic var-
iance (2) within and (3) among local populations,
measured at the landscape-scale.

The spatial apportionment of neutral genetic var-
iance is included to ensure that trades do not move the
balance between genetic drift, local extinction, and
migration farther away from that observed under a
“baseline” landscape. Neutral genetic variance is the
variety of alleles present in the population that do not
contribute to adaptive traits and whose fate is
determined by genetic drift, gene flow, inbreeding,
and local extinction (Manel et al. 2003). These effects
are the dominant evolutionary forces for small and
declining populations (Spielman et al. 2004). Spa-
tially subdivided populations in intact landscapes
have demonstrated an ability to maintain genetic
variance both within and among breeding groups
while preventing inbreeding depression (reviewed in
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Bruggeman et al. 2005). The baseline landscape
represents the spatial distribution of habitat in which
rates of recruitment and migration achieve this
balance. Therefore, LEA incorporates a “spatially-
explicit” planning objective as the allocation of
habitat yielding the spatial apportionment of neutral
genetic variance observed prior to habitat loss and
fragmentation (i.e., a baseline landscape) (Meffe
1996; Bruggeman et al. 2005). In this way, LEA
focuses on protecting the environmental context that
permitted adaptive evolution, rather than attempting
to identify all adaptive components of genetic vari-
ance (Moritz 2002). We follow the habitat equiva-
lency literature in our use of the term “baseline”, but
note that in restoration ecology this would be referred
to as the “reference landscape” (Bell et al. 1997).

Applying LEA to RCWs

Application of LEA requires comparing ecosystem
services in different landscapes to estimate the change
in services due to habitat trading. First, we project
services over time assuming no policy intervention
occurs to change landscape structure (i.e., a status quo
landscape). The status quo landscape was constructed
to represent a highly fragmented distribution of
longleaf pine savannah, which represents RCW
breeding and foraging habitat. The resulting distribu-
tion of habitat (Fig. 1a) is typical of landscapes the
USFWS must consider when private landowners
make a request for an incidental take (William
McDearman and Ralph Costa, USFWS, personal
communication). The cell size on the grid, 50 ha,
was based on the average RCW territory size observed
in high quality RCW habitat, 47 ha (Engstrom and
Sanders 1997), which corresponds to the local scale
for biological processes (e.g., recruitment). We used
50 x 50 grids comprising a total of 125,000 ha.

The status quo landscape was generated using
fractal Brownian motion (Hastings and Sugihara
1993), assuming a fractal similarity value of 0.5 to
simulate the random distribution of three land cover
types. We specified that RCW habitat cover approx-
imately 2-3% of the landscape to simulate observed
densities (Frost 1993), which resulted in a landscape
containing 50 RCW territories. The remaining other
two land cover types were roughly evenly distributed
between non-forested areas and pine-hardwood mixed
forests. Non-forested areas were included because it
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has been observed that RCWs avoid crossing non-
forested areas during movement (Conner and Rudolph
1991). Pine-hardwood mixed forests were included
because successional or other man-made actions can
be applied to this cover type to re-establish RCW
habitat (Walters et al. 2002), which will be useful later
when we simulate the addition of a conservation bank.

Next, we constructed a baseline landscape
(Fig. 1b) to represent one of the many possible
clumped distributions of 50 territories to meet the
Private Lands Conservation goal for RCWs (USFWS
2003b). By contrasting expected changes in popula-
tion structure in the status quo to this baseline
landscape we can estimate the effects of fragmenta-
tion independent of habitat loss.

To simulate habitat trading, other landscapes were
created by adding or removing habitat from the status
quo landscape at different times. We only considered
one mitigation landscape. The importance of a
clumped distribution of habitat is well known for
RCWs (USFWS 2003b), so we did not consider
alternative placements of a mitigation bank. We
assumed that pine-hardwood mixed forests can be
restored to provide RCW habitat to create a conser-
vation bank. To generate the mitigation landscape
(Fig. 1c), 12 restored territories were added to the
center of the status quo landscape at year 20.

Two different withdrawal landscapes were consid-
ered by simulating the loss of habitat (take or
withdrawal) that differed in levels of structural
connectivity. We estimated the structural connectivity
of each territory, as recommended by the RCW
Recovery Plan (USFWS 2003b), as the number of
territories within 3.5 km. In the first scenario, With-
drawal 1 (wl; Fig. 1d), 12 territories with the greatest
connectivity values (i.e., 4 or 5 territories within
3.5 km) among RCW territories were cleared for
development in year 25. In Withdrawal 2 (w2;
Fig le), 24 territories with the lowest connectivity
values (0, 1, 2, or 3 nearby territories) were cleared for
development, also in year 25. Withdrawal 2 then
contrasts Withdrawal 1 by removing twice as much
habitat area but the habitats lost had lower values of
structural connectivity than habitats restored as a
bank. Therefore, if we find that Withdrawal 2 is a
viable trade, then habitat connectivity can be substi-
tuted for losses in habitat area. In contrast, With-
drawal 1 represents an equal trade for both habitat
area and connectivity.
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Fig. 1 Stylized landscapes used in simulation study. Each cell
represents 50 ha. RCW habitat, longleaf pine savannah (black
cells), mixed pine-hardwood forest (light grey cells), and non-
forested (white cells). As an initial condition each RCW habitat
cell contained one RCW breeding group. a Fragmented or
status quo landscape requiring management to achieve
population persistence b Baseline landscape with 50 territories

clustered to achieve persistence (USFWS 2003b). ¢ Mitigation
landscape with 12 cells in the center restored as RCW habitat
(s). d Withdrawal 1 landscape, wherein 12 cells that were well
connected to the initial RCW habitat were lost to development.
e Withdrawal 2 landscape, wherein 24 cells that were poorly
connected to the initial RCW habitat were lost to development
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RCW IB-SEPM

The RCW IB-SEPM has been described in detail
elsewhere (Letcher et al. 1998; Bruggeman and Jones
2008). Therefore, we provide here only a brief
description summarizing the hierarchical organiza-
tion of the model.

Individual behavior

RCWs are a cooperative breeding species in which
family groups consist of a reproductively active male
and female, nestlings or fledglings, and, occasionally,
helpers who are usually male and full or half-sibs to
the fledglings (Walters et al. 1988). As an initial
condition, we assumed that all RCW habitat cells in
our landscape start with a breeding pair. The average
number of helpers observed in high quality RCW
habitat, based on two years of observations, were 1
and 1.6 helpers per territory (Engstrom and Sanders
1997). We randomly selected half of the territories
for the addition of 2 helpers. Floaters are also
included in the model, both male and female, which
move continuously seeking a breeding vacancy in a
territory. Following the Letcher et al. (1998) model
we assumed that all fledglings, helpers, floaters, and
solitary males can compete for breeding vacancies
within 3.5 km of their current location.

Good instruments of policy need to be able to
consider the influence of key uncertainties regarding
the system being managed. Here, as in Bruggeman
and Jones (2008), we illustrate this by evaluating the
sensitivity of LEA credits to alternative behavioral
assumptions regarding RCW dispersal. We compared
two dispersal models. The first was a “random-
straight” model, in which the probability of fledgling
males delaying dispersal, and remaining as helpers, is
constant, birds choose their initial direction of travel
at random, and birds travel in a straight line (Letcher
et al. 1998). The second dispersal model assumed that
landscape cover types affect initial direction of travel,
probability of male natal dispersal, and directional
choices during movement. To simulate the influence
of landscape structure on directional choices after the
initial step we assigned four levels of preference
during movement to the eight cells adjacent to the
bird’s current location (Bruggeman and Jones 2008).
We assumed that the initial RCW habitat cells were
twice as attractive as the restored RCW habitat,
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restored RCW habitat was 2.5 times as attractive as
pine-hardwood mixed forest, and pine-hardwood
mixed forest was 4 times as attractive as non-forested
areas. In general, these two alternative models repre-
sent fundamentally different hypotheses about how
RCW use or do not use landscape pattern to influence
their movement behaviors.

Genetic variance

To examine how the processes of genetic drift, gene
flow, and inbreeding interact in a spatially subdivided
population as landscape structure changes, an infinite
alleles model of genetic variance was used (e.g.,
Miller and Lacy 2005). We assigned two unique
alleles to one locus for each breeder at the start of the
simulation (i.e., total alleles = 2 x number of breed-
ers in the founding population). Assuming Mendelian
inheritance, offspring had an equal probability of
inheriting each of two alleles.

The expected apportionment of genetic variance
within and among breeding groups was estimated by
the method of Nei (1973). Total genetic diversity in
the population (Ht) was apportioned into components
including the average genetic diversity within breed-
ing groups (Hs) and average genetic divergence
among breeding groups (Dst), Hr = Hs + Dst. Nei
defines total genetic diversity (Hr) as the probability
that any two alleles chosen at random are indepen-
dent. Average gene diversity within breeding groups
(Hs) equals the probability that two alleles chosen at
random from within an individual are independent,
averaged across the breeding groups. Dgr represents
the probability that two genes are different when
chosen at random from individuals in two different
breeding groups (i.e., habitat patches) averaged across
the entire population. This method uses allele fre-
quencies of the current population avoiding unrealis-
tic assumptions regarding random uniting of gametes,
rates of drift within groups, or patterns of migration
among groups (Nei 1986), making it useful for
describing genetic diversity in dynamic landscapes.

Under an infinite alleles model Wright’s inbreeding
coefficient, the probability that two alleles chosen at
random from within a breeding group are identical by
descent, was estimated as: F = 1 — Hp (Miller and
Lacy 2005), where Hy equals the average observed
frequency of heterozygous individuals within a
breeding group.
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Simulations

The RCW IB-SEPM was run for 100 years for all
landscapes. The simulations were run for baseline
and status quo landscape conditions assuming that the
territory configuration remained constant over time.
The other landscapes were created by simulating the
habitat trading scenario in which habitat was added or
removed from the status quo landscape at different
times, as discussed above.

The model is stochastic, so we repeated each
simulation 100 times and examined the distribution
of outcomes. Population extinction occurred when
only one breeding group remained and no subsequent
breeding groups are formed. Hs, Dst, and N (abun-
dance) were tracked over time. Territory summaries
were also calculated at year 75 to contrast landscapes
based on the probability that an individual territory
would be vacant and Wright’s inbreeding coefficient.

LEA accounting

A “LEA credit” represents the marginal contribution
a change in landscape structure (i.e., taking or
restoring of habitat) makes toward moving the
ecological service closer to service levels observed
in a baseline landscape. For the mitigation landscape,
the number of LEA credits available in the bank at
the time of the trade (¢ = 25) was estimated as
Landscape Service Years (Bruggeman et al. 2005),
which is a time-integrated estimate of the propor-
tional change in ecological services relative to the
sustainability goal due to marginal change in land-
scape structure. The expected number of abundance
credits is estimated as Landscape Service Years—
Abundance (LSYCN):

N 100 mN —jN
E[LSYN] =) (W) (1)
=W 1
where W is the time the trade occurs, bﬁv is the
expected total abundance in breeding groups at year ¢
provided by the baseline landscape, m! is the
expected total abundance in breeding groups at year
t provided by the mitigation landscape, and /" is the
expected total abundance in breeding groups at year t
provided by the status quo landscape.

The number of credits purchased to offset the local
and regional loss of abundance due to a withdrawal,

or the debit from the bank, can be calculated as
Landscape Service Years—Abundance (LSY,M):

100 , N
ELSY,"] = (’"’b—NWﬁV) 2)
=W 1
where w) is the expected abundance at year f
provided by the withdrawal landscape.

Calculating credits associated with changes in
genetic variance is more complex. The management
goal is to approximate population services provided
by the distribution of habitat in which the organism
evolved (Meffe 1996). Greater genetic diversity
within a breeding group or greater genetic divergence
among breeding groups is not always better for
sustainability (Bouzat 2001). The levels of genetic
service provided by the baseline landscape will be
used to direct trading toward this goal. As estimates
of genetic variance within and among breeding
groups move closer to baseline levels due to restoring
habitat area or connectivity, the more credit is
accrued in the bank. The credit representing a
marginal change in genetic services associated with
the mitigation landscape can be calculated as Land-
scape Service Years—Genetic Variance (LSYCG):

100 G _ ;G 100 G _ .G
t t

=W =W
(3)

where G is the genetic variance component estimated
(Hs or Dgy), th is the expected level of genetic
variance at year ¢t provided by the baseline land-
scape, jC is the expected level of genetic variance at
year t provided by the status quo landscape, and m
is the expected level of genetic variance at year
provided by the mitigation landscape. The first
summation reports the extent of habitat fragmenta-
tion present in the landscape prior to mitigation. The
second summation, to the right of the minus sign,
reports the level of fragmentation after a bank is
established. LSYE then equals the degree to
which bank establishment reverses the effects of
fragmentation.

The number of credits purchased to offset the
withdrawal or departure of genetic variance away
from baseline-levels relative to mitigation-levels can
be calculated as Landscape Service Years—Genetic
Variance (LSYDG):
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100 G_ .G
E[LSYy°] = <—|b’ bGW’ |)

=W

Sem

where w{ is the expected level of genetic variance at
year t reflecting anticipated loss of habitat area or
connectivity. LSY§ equals the debit that results when
the withdrawal moves the balance between recruit-
ment and migration farther away from baseline levels
due to the “take” (i.e., the change in fragmentation
that results from a withdrawal).

Results

The observed frequency of heterozygotes within
breeding groups did not deviate significantly from
expectations under Hardy—Weinberg Equilibrium for
most landscapes and dispersal assumptions based on a
Chi squared test (P > 0.05) (Li and Horvitz 1953).
Observed frequency of heterozygotes within breeding
groups did deviate from Hardy—Weinberg expectations
during the last 12 years of the status quo landscape
under random-straight dispersal (P < 0.05). In these
cases average observed heterozygosity exceeds
expected heterozygosity due to the presence of
inbreeding avoidance behaviors included in the sim-
ulation. Hardy—Weinberg Equilibrium is not a neces-
sary condition for estimating Hg and Dgr (Nei 1973,
1986). When not in Hardy—Weinberg Equilibrium
Nei’s estimate of Hg equals the genetic diversity within
groups, or the probability of choosing two alleles at
random that are independent, but not the expected
heterozygosity.

First we contrast results for the two simulations in
which landscape structure did not change over time
(i.e., baseline and status quo). In the baseline
landscape, we found that genetic variance within
and among groups was maintained while minimizing
inbreeding when a continuous distribution of longleaf
pine habitat exists (Figs. 2, 3). This is an emergent
property of the models indicating that the RCW
mating system of male philopatry and female
dispersal led to a balance between rates of recruit-
ment and migration that maintained genetic variance
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at two spatial scales. Therefore, the landscape in
Fig. Ib served as an adequate baseline for this
analysis. However, when RCWs were subjected to a
discontinuous distribution of habitat, but with the
same overall habitat area (i.e., status quo), rates of
inbreeding and probability of territory vacancy
increase dramatically under the forest-based dispersal
model (Fig. 3). In contrast, under the random-straight
model inbreeding does not increase but probability of
territory vacancy does increase dramatically.

When habitat restoration was added to the status
quo landscape (Fig. 1c, mitigation landscape) a
greater increase in probability of persistence resulted
under the assumption of random-straight dispersal
(Table 1). The population tended to be more persis-
tent in the status quo landscape under the assumption
of forest-based dispersal, likely due to greater reten-
tion of floaters and helpers (Table 1), so the benefit of
restoration is smaller. Withdrawal 1 decreased the
probability of persistence by roughly an equal
proportion of the conservation value added by the
bank under both dispersal models (~ 20%, i.e., 0.11/
0.47 for random-straight and 0.05/0.25 for forest-
based [Table 1]). Withdrawal 2 created no change in
probability of persistence under random-straight
dispersal, but actually increased the probability of
persistence slightly under forest-based dispersal.

LEA: accruing credits

Ecological service flows moved closer to service
levels observed in the baseline landscape with the
addition of the bank at year 20, compared to the
status quo landscape, under both dispersal models
(Fig. 2). The number of credits accrued by the bank
(LSY () was similar for N across dispersal assump-
tions, but credits for genetic services varied based on
which dispersal model was used to describe the
behavior of RCWs (Table 2). More genetic variance
credits accrued under the random-straight dispersal
model due to restoration because in this case there
was a greater loss of total genetic variance (Hr)
observed in the status quo landscape (Fig. 2, recall
Ht = Hg + Dgt). More alleles were lost under
random-straight dispersal due to the greater loss of
breeding groups (Fig. 3) and floaters due to emigra-
tion (Table 3). The difference in number of credits
accrued between dispersal assumptions was greatest
for LSYPsT. This indicates that genetic differences
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among breeding groups decreased more with the
addition of the bank under random-straight dispersal
relative to the status quo landscape, thanks to the
longer dispersal distances (Table 3).

LEA: Withdrawal 1

Loss of the 12 most connected territories (w1) under
the assumption of random-straight dispersal resulted
in a withdrawal of 18.7 of the available abundance
credits (Table 2). Therefore, the bank retained a
balance of 8.4 credits for abundance. The withdrawal
of credits was larger for wl under the forest-based
dispersal model (Table 2), leaving a balance of 1.8
credits.

Under both dispersal models average genetic
diversity (Hg) within a territory decreased with the

b 160 -

0.3 A

% 021 )
a ——Baseline, R& S
Statusquo,R&S AT Hmmy
0.1 4 —Mitigaton,R&S T\ T

o Withdrawal 1, R& S

a Withdrawal 2, R & S
0 T T
0 20 40 60 80 100

Year

simulations. N, total abundance in each territory (help-
ers + breeders); Hs, average expected heterozygosity within
breeding groups; Dgr, average genetic divergence among
breeding groups (Nei 1973)

loss of the 12 most connected territories (w1), but not
greater than observed in the status quo landscape (i.e.,
credits were not overdrawn). Therefore, the 12 most
connected territories were positively weighting Hg
averaged across the landscape (Petit et al. 1998). In
other words, rates of genetic drift and inbreeding
were relatively low in the territories lost, so their
removal created a debit of genetic services. For the
territories that constitute “the bank” rates of inbreed-
ing actually increased in the Withdrawal 1 landscape
relative to the mitigation landscape (Fig. 3).
Whether w1 resulted in a net withdrawal or accrual
of credits for LSYs™" depended on which dispersal
model was used. The Dgr trajectory resulting from
w1l was similar across the two alternative dispersal
assumptions. However, the status quo and mitigation
service levels differed greatly between the dispersal
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Fig. 3 Expected
inbreeding coefficient and
probability of vacancy for
each territory present at
year 75 for each landscape
and dispersal assumption.
Expectation taken across
100 simulations. A closed
population was assumed for
all simulations
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Table 1 Estimated species probability of persistence for the status quo (A), mitigation (C), and the two withdrawal (D, E) landscapes (Fig. 1)

Decrease  Value Value

Decrease

Value

Probability of persistence

Landscape

remaining: w2

due to wl due to w2 remaining: wl

of bank

Withdrawal 2 (w2)

Withdrawal 1 (wl)

Mitigation

Status quo

C-B ((€-A-(C-D (€C-A-(C-B

C-D

(C—-4A)

Dispersal strategy

0.27
0.47

0.20
0.36

—0.02

0.05

0.25
0.11

0.47

1.0
0.74

0.93
0.63

0.98

0.74

0.73

Forest-based

0.0

0.27

Random-straight

Also presented is the estimated value of the conservation bank before and after the two withdrawals and the decrease in bank value due to each withdrawal

assumptions (Fig 2). These differences resulted
because probability of territory vacancy was lower
under the forest-based model (Fig. 3), because more
helpers and floaters were retained on the landscape
(Table 3). Therefore a greater loss of total genetic
variance resulted under random-straight dispersal.
Also shorter dispersal distances were observed under
forest-based dispersal (Table 3) leading to more
genetic differences among groups. However, addition
of the bank in the center of the landscape tended to
increase expected maximum female dispersal dis-
tance under forest-based dispersal in the mitigation
and wl landscapes but not under random-straight
dispersal. The net increase in credits under forest-
based dispersal reflected this improvement in land-
scape function because the wl trajectory moves
closer to baseline levels, on average, than the
mitigation levels.

LEA: Withdrawal 2

Loss of the 24 least connected territories (w2)
resulted in a larger initial decline in abundance but
a smaller withdrawal of credits under both dispersal
models (Table 2; Fig. 2), compared to wl. The
benefits of restoring 12 well connected bank territo-
ries provides sufficient credits to justify the loss of 24
of the least connected territories.

Withdrawal 2 resulted in moving Hg closer to
baseline levels under both dispersal models, leading to
an accrual of more credits within the bank for this
ecological service. Thus, the least connected territo-
ries were negatively weighting average genetic
diversity within groups compared to territories
remaining after the trade (Petit et al. 1998), especially
under random-straight dispersal. In other words, the
24 least connected territories tended to have lower
genetic diversity within groups, due to combined
influence of inbreeding and genetic drift. For the
territories remaining after Withdrawal 2, rates of
inbreeding within a territory were roughly equivalent
to those observed in the mitigation landscape at year
75 (Fig. 3).

As observed in w1, the withdrawal or accrual of
credits resulting from w2 depends on the dispersal
model for LSY?sT credits. Forest-based dispersal
resulted in over a 2-fold increase in credits. This
indicates that the 24 isolated territories were posi-
tively weighting average genetic divergence among
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Table 2 Estimated proportional change in ecological services, reported as Landscape Service Years (LSYs, equations given in text)
due to establishment of a conservation bank and two alternative withdrawal scenarios using Landscape Equivalency Analysis

Landscape Value of Decrease due Decrease due Value remaining: Value remaining:
service bank to Withdrawal 1 to Withdrawal 2 Withdrawal 1 Withdrawal 2
years (Eq. 1 or 3) (Eq. 2 or 4) (Eq. 2 or 4)

Forest-based dispersal

LsYy" 26.9 25.1 14.7 269 —25.1=1.8 269 — 147 =122

LSY%s 11.6 4.5 -1.0 11.6 —45=1.1 11.6 + 1.0 = 12.6

LSYPst 2.0 -3.1 —6.4 204+31=5.1 20+ 64 =284
Random-straight dispersal

LsYy” 27.1 18.7 13.7 27.1 — 187 =84 27.1 — 137 =134

LSY"s 134 4.0 —-2.2 134 —40=94 134 4+ 22 =156

LSYPst 18.3 9.6 2.3 183 — 9.6 =8.7 183 — 23 =160

Three services (i.e., N, abundance; Hg, average genetic diversity within breeding groups; and Dgr, average genetic divergence among
breeding groups) related to probabilities of population viability were used to quantify Landscape Service Years (LSY”, LSY'S,
LSY?st, respectively) that differ in sensitivity to changes in habitat area and connectivity

Table 3 Comparison of dispersal and helping behaviors across the landscape configurations used to simulate habitat trades

Landscape Random-straight Forest-based

Male Female Male Female

Emigration rate®

Baseline 0.66 (0.15) 1.95 (0.29) 0.0003 (0.0017) 0.018 (0.013)
Status quo 0.39 (0.45) 1.18 (1.10) 0.12 (0.12) 0.41 (0.32)
Mitigation 0.53 (0.40) 1.59 (0.85) 0.15 (0.11) 0.50 (0.26)
Withdrawal 1 0.39 (0.45) 1.15 (1.08) 0.09 (0.13) 0.34 (0.37)
Withdrawal 2 0.51 (0.47) 1.37 (0.93) 0.12 (0.16) 0.37 (0.32)
Maximum dispersal distance® (m)
Baseline 8,639 (809) 9,341 (463) 8,095 (876) 9,804 (240)
Status quo 18,868 (3,822) 20,836 (2,657) 14,338 (1,681) 15,253 (1,432)

Mitigation
Withdrawal 1
Withdrawal 2

19,173 (2,716)
18,400 (2,603)
18,612 (2,830)

Average number of helpers per territory

Baseline
Status quo
Mitigation
Withdrawal 1
Withdrawal 2

0.26 (0.10)
0.13 (0.15)
0.16 (0.13)
0.16 (0.14)
0.17 (0.13)

20,625 (2,002)
20,372 (2,343)
20,386 (2,269)

14,745 (1,709)
14,399 (1,901)
13,841 (1,629)

0.91 (0.025)
0.22 (0.13)
0.27 (0.10)
0.26 (0.11)
0.28 (0.10)

15,749 (1,299)
15,891 (1,599)
15,183 (1,759)

Averages were taken across the 100 Monte Carlo simulations applied to each landscape (one sample standard deviation)

* Average number of male and female floaters lost as emigrants per year (n = 100)

° Average maximum dispersal distance traveled by floaters from their natal territory to breeding territory (n = 100)

territories in the mitigation landscape under forest-
based dispersal. Therefore, their loss pulled Dgt closer
to levels observed in the baseline landscape, while
decreasing the probability of territory vacancy
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(Fig. 3). Random-straight dispersal resulted in a small
withdrawal of credits. Under random-straight dispersal
these territories also positively weighted Dgt averaged
across the landscape. But the greater loss of total
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genetic diversity due to probability of territory
vacancy (Fig 3) under this dispersal assumption
resulted in pulling Dyt farther away from both baseline
and mitigation levels.

Withdrawal 2 led to a smaller withdrawal of LEA
credits from the bank and a smaller change in
probability of persistence than Withdrawal 1 under
both dispersal models. Withdrawal 2 also moved
rates of inbreeding and probability of territory
vacancy closer to levels observed in the baseline
landscape (Fig. 3).

Discussion

In simulations for both withdrawals, probabilities of
persistence did not decrease below levels expected in
the status quo landscape. Therefore, trading did not
violate jeopardy standards. However, we observed
that probability of persistence, when evaluated alone,
was a crude indicator of patch conservation value.
For example, there was no difference between
probability of persistence in the Withdrawal 2 and
the mitigation landscape assuming random-straight
dispersal. This result would lead a practitioner to
believe that the 24 least connected patches made no
contribution to population viability (i.e., their con-
servation value = 0). However, LEA results indi-
cated that the conservation value of these patches
depends on which services are evaluated. The 24 least
connected patches are often occupied because their
loss does create a debit for abundance. Further, these
patches contributed to maintaining genetic diver-
gence among breeding groups closer to levels
observed in the baseline landscape (Fig. 2b).

Under LEA, credits are accrued as landscape
change moved the balance between migration and
drift closer to levels observed in the baseline land-
scape. When a positive balance of credits remained it
meant that despite the trade, the bank had still moved
rates of recruitment and/or migration closer to baseline
than would be expected had no mitigation been
implemented (i.e., status quo landscape). When habitat
loss actually increased the number of credits in a bank
(i.e., anegative LSY 5° value), the change in landscape
structure moved rates of recruitment and/or migration
closer to levels observed prior to habitat loss and
fragmentation (i.e., baseline), than observed in the
mitigation landscape.

For example, under forest-based dispersal a net
increase in Dgt credits resulted from both withdraw-
als. Under forest-based dispersal greater habitat
density limits the exchange of alleles over space,
because individuals move shorter distances due to
their attraction to breeding habitat. This leads to
greater genetic differences among groups in a frag-
mented landscape. By restoring pine in the center of
the landscape individuals are more likely to spread
across the landscape. Therefore, under forest-based
dispersal the bank acts as a stepping stone and alleles
are shared more evenly among groups, as observed in
the baseline landscape. In contrast, under random-
straight dispersal both trades led to a net withdrawal
of credits because land use classes do not directly
affect dispersal behaviors.

Results of this study show that in an unfragmented
landscape RCW natural history traits do minimize
risks from local extinction and inbreeding (F' < 0.125;
Daniels and Walters 2000) while maintaining genetic
variance among breeding groups (Figs. 2, 3). In the
baseline landscape the apportionment of genetic
diversity under both dispersal models closely approx-
imated the level observed in an Island Model (Wright
1931) assuming one migrant per generation (Fgy =
1 — Hs/Ht = 0.24 = proportion of total genetic
diversity due to population subdivision). These results
confirm Wright’s intuition that 0.2 < Fgt < 0.25
reduces threats from drift and inbreeding while
maintaining opportunities for adaptation (Mills and
Allendorf 1996). These results are not too surprising as
RCWs evolved in a fairly continuous distribution of
longleaf pine savannah and the USFWS recommends
maintaining a clumped distribution of habitat (USFWS
2003b).

Policy considerations

Bruggeman et al. (2005) proposed setting a limit on
access to the landscape by stating that trades should
not produce an allocation of habitat that drives the
spatial apportionment of genetic variance farther
away from baseline levels (i.e., max 1S — jGI > max
Ib° — w°l to allow trade). Figure 2 indicates that this
rule was not violated; the trades did not skew the
spatial allocation of variance farther away from
baseline compared to the status quo landscape. We
feel this could be an important addition to endangered
species policy as it prevents trades that move rates of
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recruitment and migration farther away from baseline
levels than were previously observed in the status quo
landscape. No regulatory criteria for managing
changes in functional fragmentation of habitat are
included in the ESA (USFWS 1973). Application of
the take standard could lead to banks that serve as
sinks (Pulliam 1988) (i.e., banks remain occupied but
do not contribute to dispersal among groups and thus
sustainability of population across the landscape).
Probability of persistence might capture this if sink
effects are sufficient to change extinction risk at a
landscape-scale, but this is not guaranteed.

Opportunities for adaptive management

The required monitoring of the outcomes of mitigation
under ESA’s Sect. 10 (USFWS 1973) provides an
opportunity to learn about interactions between land-
scape patterns and biological processes in dynamic
landscapes. We included uncertainty by using expec-
tations from two alternative hypotheses to evaluate two
habitat trades. Some important differences between the
models were observed. Compared to the current
assumptions regarding dispersal used for landscape-
scale management (USFWS 2003b), incorporating a
new dispersal hypothesis (i.e., forest-based), increased
the number of LSYPST available in the bank, increased
the number of LSY” withdrawn, and decreased the
probability of extinction. The largest difference in
exchange of LEA credits based on the alternative
dispersal models was observed for LSYPsT (Table 2).
Therefore, the ecological services used in LEA differ
in sensitivity to assumptions regarding biological
processes (Bruggeman et al. 2005).

When appropriately implemented, tradable credit
systems provide financial mechanisms for reducing
uncertainty. USFWS (2003a) proposed incorporating
risks associated with a habitat trade into the price of
credits to offset costs of the endowment used for
management. Our results suggest that updating model
assumptions as monitoring data accrue could lead to a
decrease in the size of the required endowment.
Specifically, if we learn that the true state of nature is
more likely to be forest-based dispersal, our simula-
tions suggest that habitat trading would have a smaller
impact on extinction risk, and should decrease the size
of endowment maintained by the bank.

Integration of financial tools with more scientifi-
cally rigorous approaches to conservation banking

@ Springer

will require creative policies that balance the sus-
tainability of the species with the sustainability of
conservation banking market. Using the most up-to-
date knowledge regarding the response of a popula-
tion, which may or may not be functioning as a
metapopulation, to changes in landscape structure
when siting a bank would contribute to both popu-
lation and financial sustainability. Requiring that
models be updated with the latest natural history
information prior to a trade would increase transac-
tion costs and may decrease the conservation value of
a bank. Regulatory assurances could be put in place
to prevent a decrease in bank value as knowledge
accrues. However, the acquired knowledge of the
system should be used when establishing new bank-
ing agreements and planning recovery actions.

Conclusion

We have described how access to a landscape can be
limited and allocated among resource users by inte-
grating IB-SEPMs, population genetic theory, and
natural resource economics. The regional ecological
effects of local trades are internalized by a market for
LEA credits. Therefore, if loss of one patch reduces the
probability of habitat occupancy or increases rates of
inbreeding for a neighboring patch, the habitat bank
must provide a sufficient increase in rates of habitat
occupancy and outbreeding across the landscape to
justify the individual trade. Therefore, LEA provides a
method for allocating access rights to habitat at a local
scale without decreasing regional population viability.
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